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Land-use intensification is a major driver of biodiversity loss. However, understanding how
different components of land use drive biodiversity loss requires the investigation of multiple
trophic levels across spatial scales. Using data from 150 agricultural grasslands in central
Europe, we assess the influence of multiple components of local- and landscape-level land
use on more than 4,000 above- and belowground taxa, spanning 20 trophic groups. Plot-
level land-use intensity is strongly and negatively associated with aboveground trophic
groups, but positively or not associated with belowground trophic groups. Meanwhile, both
above- and belowground trophic groups respond to landscape-level land use, but to different
drivers: aboveground diversity of grasslands is promoted by diverse surrounding land-cover,
while belowground diversity is positively related to a high permanent forest cover in the
surrounding landscape. These results highlight a role of landscape-level land use in shaping
belowground communities, and suggest that revised agroecosystem management strategies
are needed to conserve whole-ecosystem biodiversity.
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Agricultural landscapes are undergoing dramatic declines intheir biodiversity worldwide1–4. While the main cause ofthese declines is broadly attributed to land-use change
and land-use intensification5–7, previous studies have mostly
focused on the response of aboveground biodiversity to a few
components of land use, such as the use of pesticides8, fertiliza-
tion intensity9–11 or landscape simplification12–14. This focus on
particular taxa and components of land use fails to capture the
complexity of biodiversity responses to land-use intensification,
as a wide range of land-use components act simultaneously and at
different temporal and spatial scales15,16. While components of
local-scale land-use intensity, such as fertilization and grazing
intensity, may act as filters on local diversity, larger-scale pro-
cesses may also shape biodiversity via metacommunity processes
linked to species dispersal capacities17–19. For example, the spill-
over of dispersing organisms from nearby or connected high-
quality habitats can maintain species populations at sites that
would otherwise not support them17,19–21. In the context of
agricultural landscapes, negative impacts of local land-use
intensification might therefore be buffered by the presence of
permanent habitats in the surrounding landscape, which act as
sources of recolonization7,22,23.
Different taxonomic and functional groups are also likely to
have contrasting responses to different components of land-use
intensification5,24,25, but a synthetic view of these differences is
lacking. For example, it is clear that above- and belowground
diversity respond to distinct drivers at the global scale26–28 but
the effects of agricultural intensification on belowground biodi-
versity are relatively poorly understood, and responses may differ
to those of aboveground groups, and among different soil
organism groups29–32. While highly mobile aboveground trophic
groups, such as birds and many insects, are widely known to
respond to changes in landscape composition and configuration
(e.g. the amount of semi-natural habitat in the landscape and its
spatial arrangement)7,16,33,34, little is known about how altera-
tions to such landscape features affect the diversity of less mobile
belowground taxa35–37. Soil organisms, especially microbes, were
traditionally assumed to be so abundant and generalist that dis-
persal limitation does not influence their local diversity38. Instead,
belowground communities are often assumed to be pre-
dominantly structured by local soil conditions31,39,40 and, in
agroecosystems, by local-level land-use intensity, such as fertili-
zation, grazing and tillage regimes25,41,42. If belowground com-
munities are shaped by dispersal processes, then the factors
driving habitat quality and connectivity may differ from those
aboveground. For instance, instead of the linear features, which
allow animal movement between habitat patches43, it may be the
quantity of historically undisturbed soil habitat in the landscape
that determines recolonization rates of wind dispersed
species44–47, as untilled soils foster more abundant and diverse
soil communities31,48.
The lack of a comprehensive and comparative assessment of
how different aspects of local- and landscape-level land use affect
above- and belowground trophic groups precludes a holistic
understanding of the key drivers of community-level biodiversity
loss. Here, we address this gap by using a comprehensive biodi-
versity and land-use dataset from the German Biodiversity
Exploratories project49 to compare the influence of multiple land-
use components, operating at a range of spatial and temporal
scales, on above- and belowground biodiversity in agricultural
grasslands. We measure the diversity of ten aboveground trophic
groups (primary producers, fungal pathogens, molluscan herbi-
vores, insect herbivores, avian herbivores, insect pollinators,
molluscan omnivores, arthropod omnivores, arthropod predators
and vertebrate predators), and ten belowground trophic groups
(arbuscular mycorrhizal (AM) fungal symbionts, fungal
pathogens, fungal decomposers, bacterial decomposers, protistan
bacterivores, protistan parasites, protistan omnivores, insect
herbivores, arthropod decomposers and arthropod predators).
Together, these comprise more than 4000 plant, animal and
microbial taxa involved in the delivery of essential agroecosystem
services, including nutrient recycling, pollination and biological
control50. These measures were taken in 150 agricultural grass-
land fields, that were selected to vary strongly across the full range
of local land-use intensity51, and which are situated in landscapes
of varying complexity14 and management history (see Methods).
We then test for the associations between the taxonomic diversity
of each above- and belowground trophic group and different
land-use components. We interpret these associations as evidence
of land-use effects and for simplicity we use terms such as ‘effects’
and ‘drivers’ hereafter. While we acknowledge the correlational
and static nature of our study, we believe our interpretation is
supported by existing knowledge on land-use effects on organ-
isms and the nature of our study design, which minimizes con-
founding factors (Fig. 1, see also Supplementary Table 1). The
land-use components encompass current land-use intensity and
land-use history, across three different spatial scales: plot-level
factors (i.e. 50 m × 50 m), field-level factors describing the plot
surroundings (i.e. 75-m radius from the plot center) and
landscape-level factors (i.e. 500–2000-m radii from the plot
center) (Fig. 1). In our modelling approach we also account for
hypothetically important environmental factors (i.e. soil pH52–54,
soil clay content55,56 and topographic wetness index57,58), that are
related to potential drivers of niche differentiation and thus
species richness (Fig. 1, see also Supplementary Table 1 for spe-
cific hypotheses and references).
The variables we relate to trophic group diversities at each of
the three scales of organization are selected to represent factors
that influence species survival and dispersal. At the plot level, we
test for the effect of plot-level land-use intensity, measured as a
compound index of grazing, mowing and fertilization
intensities51,59. These factors, which operate in tandem in agri-
cultural grasslands, alter resource availability and create dis-
turbances, that alter habitat structure, thus altering fundamental
co-existence mechanisms such as niche partitioning29,60. Local-
and field-scale land-use intensity can also vary across time, and
this temporal variation in environmental conditions can create
niches, allowing species with different strategies to coexist5. At
the field level, a higher heterogeneity in plant species identities
and abundances (i.e. plant community heterogeneity) can
maintain local biodiversity by providing a wide variety of
habitats and feeding resources, and also buffer local biodiversity
loss against environmental changes via small scale dispersal and
recolonization61. Finally, at larger spatial scales, the conversion
of natural or semi-natural habitats, such as forests or grasslands,
into agricultural land has been shown to strongly affect local
biodiversity and the overall species pool available for
recolonization7. We therefore consider the effects of the quantity
(i.e. forest and grassland cover) and stability (i.e. forest and
grassland permanency) of semi-natural habitats, and the pre-
sence of a diversity of habitats (i.e. land-cover diversity) in the
surrounding landscape, which can significantly affect local bio-
diversity by creating strong spill-over effects7,14,22. There are
large differences in resource and habitat requirements, and in
movement and dispersal abilities, between the trophic groups
considered in this study. Therefore, the impact of each of these
components, and the mechanisms through which they operate,
is expected to differ in strength and spatial scale between trophic
groups (see Supplementary Table 1 for details). Because of this
variation, landscape-level land use is characterized for three
radii to identify the spatial scale that best explain the species
richness of each group (Fig. 1). Three competing models are
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fitted for each trophic group with the landscape land-use factors
calculated either in a 500-m radius, 1000-m radius or 2000-m
radius of the grassland plot, and we then select the best
model based on the second-order Akaike information criterion
(AICc) (Supplementary Table 2). We reveal contrasting
responses of above- and belowground biodiversity to land-use
intensification, in which local land-use intensity strongly and
negatively impacts aboveground trophic groups, but has positive
or neutral effects on belowground trophic groups. Our results
also highlight a previously unrecognized role of landscape fac-
tors in shaping belowground communities, providing strong
evidence to support the idea that dispersal processes play a key
role in shaping belowground communities. Overall, these find-
ings suggest that a broader view is required in conservation and
ecosystem management strategies if we are to preserve both
above- and belowground biodiversity, and the vital services they
each provide.
Results and discussion
The species richness of both above- and belowground commu-
nities was strongly affected by plot-, field- and landscape-level
land use. However, the variance in diversity explained by each
scale of land-use component, and their relative importance varied
greatly between trophic groups (Fig. 2). In general, explained
variance was higher for lower trophic levels (i.e. belowground
fungal pathogens, bacterial decomposers, protistan groups, and
aboveground primary producers and herbivores) than for higher
trophic levels (Fig. 2). Plot-level land-use intensity was an
important driver of the species richness of above- and below-
ground trophic groups, accounting for 24.1% ± 4.0 s.e.m of the
explained variance for aboveground trophic groups, and 15.3% ±
3.3 s.e.m of explained variance for belowground trophic groups
(Fig. 2). Field-level factors, i.e. plant community heterogeneity
and temporal variation in field land use, played a smaller, but
significant role, accounting for 11.4% ± 1.9 s.e.m and 11.4% ± 3.0
s.e.m of the variance in aboveground and belowground trophic
groups, respectively. Meanwhile, landscape-level land use
accounted for the largest proportion of explained variance in both
aboveground (43.8% ± 3.6 s.e.m) and belowground trophic
groups (47.3% ± 3.3 s.e.m). These results, and those presented
below were robust to methodological choices. Sensitivity analyses
including the use of raw data instead of region-corrected residuals
(Supplementary Figs. 1, 2), the sub-setting of data to exclude plots
with overlapping landscape radii (Supplementary Fig. 3) and the
use of interaction terms did not affect our overall conclusions
(Supplementary Fig. 4).
Plot-level drivers. General patterns regarding the drivers that
structure above- and belowground communities could be
observed (Fig. 3 and Supplementary Data 1). Increased plot-level
land-use intensity reduced the species richness of seven of the ten
aboveground groups (P < 0.001 for primary producers, fungal
pathogens, insect herbivores and vertebrate predators, P < 0.01 for
avian herbivores and P < 0.05 for molluscan herbivores and
molluscan omnivores), and their abundance (Supplementary
Fig. 5, P < 0.001 for fungal pathogens and avian herbivores, and P
< 0.05 for molluscan herbivores, insect pollinators and molluscan
omnivores). In contrast, plot-level land-use intensity had neutral
or even positive effects on belowground groups (positive effects
with P < 0.001 for fungal pathogens and protistan parasites, and
P < 0.05 for fungal decomposers) (Fig. 3, see also Supplementary
Fig. 6 for the separate effects of grazing, mowing and fertiliza-
tion). High land-use intensity causes direct damage to above-
ground communities in grassland via frequent mowing or
intensive grazing62,63 and decreases plant diversity, which in turn
can decrease the availability of feeding niches for higher trophic
level groups aboveground64–67. In contrast, belowground com-
munities are less disturbed by mowing, and fertilization may
Abiotic drivers:
fundamental niche of species in 
which they are able to survive and 
reproduce.
Perturbations caused by intensive 
land uses modify the fundamental 
niche of species.
Temporal variation in land use can 
create niches, allowing species with 
different strategies to coexist stably.
Biotic interactions:
Plants are the basal organisms of the 
community, and their diversity 
shapes niche availability across 
trophic levels.
The surrounding plant diversity 
enhances local diversity across 
trophic levels by providing a wide 
variety of habitats and feeding 
resources.
Dispersal processes:
High dispersal maintains diversity in 
unsuitable habitat via population 
recolonization after extinction. A high 
quantity and stability of semi-natural 
habitats, and the presence of a 
d i v e r s i t y o f h a b i t a t s i n t h e 
surroundings creates strong spill-
over effects and enhances local 
diversity.
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Fig. 1 General mechanisms driving the species richness of above- and belowground diversity, and the associated environmental factors and land-use
components used in this study. The hypotheses associated with each factor are detailed in the introduction and in the Supplementary Table 1. This figure
is not comprehensive but presents a selection of mechanisms, which support the use of the environmental factors and land-use components as predictors.
Note also that these expectations are formulated for agroecosystems undergoing anthropogenic disturbances. The categories considered for the general
mechanisms were adapted from metacommunity theory19. For simplicity, we separate abiotic and biotic drivers, although we acknowledge that abiotic
conditions influence species interactions in nature.
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boost soil resource availability via increased organic inputs to soil,
thus potentially increasing the abundance of belowground
groups53,68–70. This, in turn, can raise the capacity for soil
organisms to partition resources and coexist71. Meanwhile, land-
use intensification might indirectly induce the spread of below-
ground pathogens, such as fungal pathogens or protistan para-
sites, by reducing plant species richness and homogenizing the
aboveground plant-host community, thus reducing dilution
effects and allowing pathogens to flourish63.
Field-level drivers. Plant diversity at the surrounding field level
positively affected the diversity of aboveground groups, but was
not a strong driver of belowground trophic groups (Fig. 3). A high
plant community heterogeneity (i.e. spatial species turnover, see
Methods) at the field level promoted the diversity of three mobile
groups: insect pollinators (P < 0.01), avian herbivores (P < 0.05)
and vertebrate predators (P < 0.05) (Fig. 3). In agricultural envir-
onments, mobile species often exploit a wide variety of habitats in
their daily lives to meet their nesting and feeding requirements,
and plant community heterogeneity at the field- and landscape
level may represent this variety both directly, as range of feeding
opportunities, and as a proxy of habitat complexity72. In contrast,
the lack of response of belowground groups to this factor is likely
tied to their low movement abilities; most of the belowground taxa
studied are sessile or immobile at the scales considered, and so are
likely unaffected by field-level factors in their daily lives.
Landscape-level drivers. Landscape-level land use was the
strongest driver of both above- and belowground biodiversity
(Fig. 2), with all above- and belowground groups responding to at
least one landscape-level land-use factor. We found that six of the
ten aboveground trophic groups (fungal pathogens, insect her-
bivores, avian herbivores, insect pollinators, molluscan omnivores
and vertebrate predators) were affected by the wider landscape
(2000-m radius), while the responses of primary producers,
molluscan herbivores, arthropod omnivores and arthropod pre-
dators were best explained by smaller-scale landscape land use
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Fig. 2 Relative importance of land-use factors in explaining the species richness of multiple above- and belowground trophic groups. Explained
variance was calculated for each group of predictors: environmental factors in grey, plot-level (50 m × 50m) factors in yellow, field level (75-m radius from
the plot center) factors in green, and landscape-level (500–2000m from the plot center) factors in blue. Note that the scale at which landscape land-use
factors operate varies among trophic groups (Fig. 4 and Supplementary Table 2). All predictors and response variables were scaled to interpret parameter
estimates on a comparable scale.
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groups (fungal pathogens, bacterial decomposers, protistan bac-
terivores, protistan parasites, protistan omnivores, insect herbi-
vores and arthropod decomposers) were also affected by the
wider landscape (1000- or 2000-m radii), while the other three
(AM fungal symbionts, fungal decomposers and arthropod pre-
dators) were affected by their immediate surroundings (500-m
radius) (Fig. 4).
Although above- and belowground communities responded to
landscape land use at similar scales, the identity and impact of the
landscape factors that shaped their diversity differed. Most of the
belowground trophic groups responded strongly and positively to
the presence and permanency of forests and grasslands in the
surrounding landscape (Fig. 3). The species richness of five of the
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by high forest cover (P < 0.001 for bacterial decomposers, P < 0.01
for protistan omnivores, P < 0.05 for protistan bacterivores and
protistan parasites and P < 0.10 for fungal decomposers). In
addition, a high proportion of grassland in the surrounding
landscape increased the diversity of fungal pathogens (P < 0.10),
bacterial decomposers (P < 0.05) and protistan parasites (P <
0.05). Landscape-level land-use history was also an important
driver of belowground biodiversity, with greater species richness
of fungal pathogens (P < 0.05) and fungal decomposers (P < 0.05)
in plots surrounded by permanent forest cover. Conversely, in
landscapes where grassland cover was permanent there was a
greater species richness of AM fungal symbionts (P < 0.05), fungal
pathogens (P < 0.10), fungal decomposers (P < 0.05), bacterial
decomposers (P < 0.01) and arthropod predators (P < 0.05)
(Fig. 3). The observed effects of landscape-level land use on
belowground diversity are unlikely to be driven by co-varying
environmental factors as we controlled for the effects of regional
differences, soil pH and texture, and topography (see Supplemen-
tary Data 2 and Methods). In contrast to belowground groups,
aboveground trophic groups were more strongly affected by the
current diversity of land-cover types in the landscape (Fig. 3).
Land-cover diversity increased the species richness of above-
ground fungal pathogens (P < 0.01), molluscan herbivores (P <
0.05), avian herbivores (P < 0.01), insect pollinators (P < 0.01) and
vertebrate predators (P < 0.10), supporting the idea that the
persistence of relatively mobile aboveground trophic groups in
agricultural landscapes relies heavily on the presence of hetero-
genous semi-open habitats15,22,33.
For the effect of landscape factors on belowground diversity,
we hypothesize that these effects are driven by spatial biodiversity
dynamics in which permanent semi-natural habitats, such as
forests and grasslands, provide stable, heterogeneous and
resource-rich habitats that support a high diversity of below-
ground organisms, and from which species can spill-over into less
suitable agricultural areas45,73. Furthermore, there is evidence
that of these stable habitats, forests support a higher belowground
diversity than grasslands, potentially explaining the relatively
stronger effect of forests for several belowground groups74. By
showing that belowground diversity is linked to habitat stability
and connectivity, our study provides the most comprehensive
Fig. 3 Drivers of the species richness of multiple above- and belowground trophic groups. Data are presented as the parameter estimates (standardized
regression coefficients) from linear models and we show the 95% confidence intervals associated with the parameter estimates. Grey points show the
parameter estimates of each environmental factor. Yellow points show the parameter estimates of plot-level factors, green points show the parameter
estimates of field-level factors; and blue points show the parameter estimates of landscape-level land-use factors. Note that the scale at which landscape
land-use factors varies among trophic groups (see Fig. 4 and Supplementary Table 2). All predictors were scaled to interpret parameter estimates on a
comparable scale. Plot-level and landscape-level predictors were log-transformed. P-values of the best selected models for each model parameter are given
as: °P < 0.10; *P < 0.05;**P < 0.01;***P < 0.001 (see details and exact P-values in Supplementary Data 1). n= 150 biologically independent samples for
belowground AM fungal symbionts, fungal pathogens, fungal decomposers, protistan bacterivores, protistan parasites, protistan omnivores, insect
herbivores, arthropod predators and aboveground primary producers, avian herbivores; n= 149 biologically independent samples for aboveground
vertebrate predators; n= 148 biologically independent samples for belowground bacterial decomposers; n= 144 biologically independent samples for
aboveground fungal pathogens; n= 139 biologically independent samples for belowground arthropod decomposers and aboveground insect herbivores,
arthropod omnivores, arthropod predators; n= 134 biologically independent samples for aboveground molluscan herbivores, molluscan omnivores; n= 113
biologically independent samples for aboveground insect pollinators.
Landscape-level (500- to 2000-m radius from the plot center)
Plot-level (50 m x 50 m)























Fig. 4 Spatial scales of landscape land-use influence on the species richness of multiple above- and belowground trophic groups. Icons within each
radius show the groups whose species richness was best explained by the respective spatial scale, identified using the second-order Akaike information
criterion (AICc). The scale leading to the lowest AICc in model selection was retained (see also Supplementary Table 2).
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evidence yet to support the idea that dispersal processes play a
key role in shaping belowground communities35,75–78, including
those of agricultural landscapes. This idea is further supported by
field inoculation studies, which show clear evidence of local
dispersal limitation79–81, and the very slow recovery of soil
biodiversity following the cessation of agricultural practices such
as tillage48 and biocide application82. More broadly, these results
indicate that the concept of habitat connectivity and its
measurement need to be re-thought and expanded if soil
biodiversity is to be considered. However, despite the evidence
we provide, it is clear that the study of spatial biodiversity
dynamics in belowground communities is in its infancy78. Many
further observational and experimental studies are required
before the role of dispersal in shaping belowground communities
is fully understood.
Community restructuring. The contrasting magnitude of the
response of different trophic groups to landscape-level land use
indicates that the entire community may restructure under
landscape land-use intensification, leading to altered relationships
between trophic levels, a phenomenon that is observed for both
above- and belowground taxa at the plot level in these
grasslands29,60 (see also Supplementary Fig. 7). To provide an
initial test of this hypothesis, we calculated the correlation
between the species richness values of all above- and below-
ground trophic groups. This was done separately for plots situ-
ated in landscapes of low and high land-use intensity, using a
compound measure of landscape-level land-use intensity (see
Methods). We found that 73.33% of the correlations were sig-
nificantly weaker in landscapes of high land-use intensity, com-
pared to low intensity landscapes (Fig. 5). This reduction of
correlation strength was stronger for correlations between
belowground groups (77.78% of the correlations significantly
dropped), than for those between aboveground groups (68.89% of
the correlations significantly dropped), and strongly affected
correlations between adjacent trophic levels (Supplementary
Fig. 7, and see also Supplementary Fig. 8 for a comparison of
plot-level land-use intensity). These results suggest that the loss
of permanent semi-natural habitats at the landscape level
disrupts interactions between specialist partners, particularly
belowground, leading to large-scale community reorganisation
towards a species-poor and more generalist community.
Response of rare and common species. Finally, because the
responses of common and rare species to land-use intensification
and habitat simplification can differ greatly5,14, we investigated
the response of species richness among common (i.e. those
accounting for 80% of the total occurrence) and rare species (i.e.
species accounting for the remaining 20% of the total occurrence)
of each trophic group in separate models (see Methods). We
found that the effects of permanent semi-natural habitats in the
landscape tended to be more positive for rare species than for
common species (Supplementary Figs. 9, 10). We hypothesize
that this is due to the more particular habitat requirements of rare
species, which rely strongly on strongholds of semi-natural
habitats for their persistence, and which may be absent altogether
from the species pool of more intensive landscapes. While the
role of such refuges is well established for many rare aboveground
species7, evidence for semi-natural habitat refuges for rare
belowground species has not been presented before to our
knowledge. We also found that temporal variation in plot- and
field-level land use generally increases the diversity of the rarest
species, a pattern that held for all trophic groups. Locally, tem-
poral variation in land use can promote biodiversity by creating
niches, allowing species with different strategies to coexist5.
However, our results suggest that these rare species might only be
able to recolonize the field if suitable habitats are present in the
surrounding landscape (see also Supplementary Fig. 4).
Conservation of above- and belowground diversity. Our com-
prehensive dataset allowed us to reveal how different components
of land-use intensity differentially affect the above- and below-
ground biodiversity of multiple trophic groups. In particular, we
found that local land-use intensification had opposing effects on
above- and belowground diversity and that heterogeneity at field-
and landscape-levels was more important for above- than
belowground diversity which, in contrast, depended strongly on
permanent habitats in the surrounding landscape. Although
responses to the studied factors may differ for other agroeco-
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Fig. 5 Effect of increasing landscape land-use intensity on correlations between the species richness of above- and belowground trophic groups. Z-
scores (standardized effect sizes) show the changes in Pearson-correlation strength (changes in r) between the species richness of pairs of trophic groups
in plots in low (n= 75 plots) and high (n= 75 plots) landscape land-use intensity. To calculate z-scores, we divided the 150 plots into 75 plots with the
lowest landscape-level land-use intensity and 75 plots with the highest landscape-level land-use intensity values, and calculated the differences in Pearson
coefficient of correlation. We then compared these values to a distribution of simulated r-value differences (n= 999) in which we randomized the values of
landscape land-use intensity (low or high) between plots for each pair of trophic groups. On the basis of this random distribution, z-scores and P-values
were calculated. Positive z-scores indicate increases in correlation strength between the species richness of two trophic groups at high landscape land-use
intensity, and negative z-scores indicate decreases in correlation strengths between the species richness of two trophic groups at high landscape land-use
intensity. Each coloured dot represents one correlation; larger dots represent the mean and bars the 95% confidence intervals (see details and exact P-
values in Supplementary Data 3). Coloured rectangles separate P-value levels (P < 0.05 for dots outside the rectangle and not significant for dots inside).
Percentages of positive and negative significant changes in correlation are indicated. See also Supplementary Fig. 7.
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nevertheless present the most complete picture to date of how an
entire community responds to land-use intensification. To date,
conservation strategies for agroecosystems have focused on
aboveground biodiversity. However, our findings support the idea
that belowground biodiversity does not mirror aboveground
diversity at local scales24,26,29,83 and suggest that a broader view is
required if whole-ecosystem diversity is to be conserved.
There is now growing recognition that belowground biodi-
versity is a significant proportion of overall biodiversity, that it
is an essential component of sustainable, productive and
multifunctional agricultural landscapes, and that it requires
conservation50,84,85. Despite this recognition, conservation
actions in agroecosystems remain focused on aboveground
organisms and strategies for belowground biodiversity conserva-
tion remain very simple. Our results show that an aboveground-
centric conservation strategy may not be sufficient to protect
belowground biodiversity. For example, a strategy for the
promotion of aboveground diversity, based on our results, would
limit plot-level intensification, conserve and promote diverse
habitats within and in the immediate surroundings of the fields,
and encourage a wider diversity of habitat types in the landscape.
These actions are all commonly found as recommendations in
existing agri-environment schemes7,86. In contrast, our results
indicate that belowground biodiversity would be best promoted
by an increase in plot-level grassland land-use intensity, strong
restrictions on grassland tillage and conversion over long time
periods, and the protection of surrounding permanent forest
habitat in the landscape. Such practices tend not to be considered
in agri-environment schemes that promote many activities, e.g.
the sowing of flower strips, which may do little to benefit
belowground diversity. Clearly, the actions that promote soil
biodiversity need to be considered carefully as they may trade-off
with the protection of the aboveground diversity, and further
work is required to minimize these trade-offs and identify options
that promote both parts of the community.
Both above- and belowground diversity play an essential role in
agroecosystem function and food security30,50,87. Although they
respond differently to the many components of land-use intensity
the diversity of both was low in highly artificial and disturbed
agricultural landscapes. Therefore, a broad and consistent
message of our results is that there is a great need to create and
protect diverse and permanent habitats within agricultural
landscapes if we are to preserve both above- and belowground
biodiversity and the vital services they provide.
Methods
Study area. The study was conducted as part of the long-term Biodiversity
Exploratories project (www.biodiversity-exploratories.de) in three German regions:
(i) the UNESCO Biosphere Reserve Schwäbische Alb in the low mountains of
south-western Germany; (ii) the Hainich National Park and surrounding areas in
hilly central Germany and (iii) the UNESCO Biosphere Reserve Schorfheide-
Chorin in the post-glacial lowlands of north-eastern Germany. The three regions
differ in climate, geology and topography, but each is characterized by a gradient of
grassland land-use intensity that is typical for large parts of temperate Europe49. In
each region, 50 plots (50 m × 50 m) were chosen in mesic grasslands by stratified
random sampling from a total of 500 candidate plots on which initial vegetation,
soil and land-use surveys were conducted. This ensured that the plots covered the
whole range of land-use intensities and management types, while minimizing
confounding factors such as spatial position or soil type. All plots were grasslands
for at least 10 years before the start of the project in 2006, although land-use
intensity varies between years5,59.
Plot species richness. At each plot, we measured the species or family richness of
20 trophic groups using standard methodology (Supplementary Table 3). In total
we observed taxa spanning ten aboveground and ten belowground trophic groups.
The aboveground trophic groups were: primary producers (vascular plants), fungal
pathogens (foliar fungal pathogens including rust, powdery mildew, downy mildew
and smut fungi), molluscan herbivores (molluscs feeding on plant material), insect
herbivores (insects feeding on plant material), avian herbivores (herbivorous birds),
insect pollinators (insects feeding on plant pollen or nectar), molluscan omnivores
(molluscs feeding on both animals and plants), arthropod omnivores (insects and
harvestmen feeding on both animals and plants), arthropod predators (carnivorous
insects, spiders and Chilopoda) and vertebrate predators (insectivorous birds and
bats). The belowground trophic groups were: fungal symbionts (arbuscular
mycorrhizal fungi), fungal pathogens (soil-borne plant fungal pathogens), fungal
decomposers (soil-borne fungal decomposers), bacterial decomposers (soil-borne
bacteria), protistan bacterivores (bacteria-feeding protists), protistan omnivores
(consumer of other protists, fungi, and algae), protistan parasites (protists para-
sitising a range of organisms), insect herbivores (herbivorous insect larvae sampled
underground), arthropod decomposers (arthropods feeding on litter and other
detritus) and arthropod predators (carnivorous arthropods sampled underground).
We sampled vascular plants in an area of 4 m × 4m on each plot, and estimated
the percentage cover of each occurring species (see also Supplementary Table 3).
Fungal pathogens were sampled in four transects of 25 m × 1m per plot. We
inspected all occurring vascular plant species for infested individuals, sampled
them and later identified the pathogenic fungi to the species level. Aboveground
molluscan herbivores and omnivores were sampled by collecting five surface
samples per plot (20 cm × 20 cm, about 2 cm deep), using a sharp knife, along with
the herbaceous vegetation, mosses, litter and the upper soil layer. For sampling
aboveground insect herbivores, pollinators, arthropod omnivores and predators we
used sweep netting by conducting 60 double sweeps along three 50-m plot-border
transects. Additionally, some insect pollinators were hand-collected during their
visits on flowers, identified and individuals counted (Diptera and Hymenoptera),
or recorded within 30 min along a 300-m transect (Lepidoptera). Avian herbivores
and vertebrate predators were sampled by audio-visual point counts, at the center
of the respective grassland plot (50 m × 50 m) for birds and along two 200-m plot-
border transects for bats. Acoustic recordings of bats were taken in real time with a
Pettersson-D1000x bat detector (Pettersson Electronic AG, Uppsala, Sweden). Bat
species identification was then conducted using the software Avisoft SAS Lab Pro,
Version 5.0.24 and onward (Raimund Specht, Avisoft Bioacoustics, Berlin
Germany). To sample belowground AM fungal symbionts, fungal pathogens,
fungal decomposers, bacterial decomposers and protistan bacterivores, parasites
and omnivores, fourteen soil cores (diameter 4.8 cm) were taken from a 20 m × 20
m subarea of each grassland plot, and soil from the upper 10 cm of the upper
horizon was homogenized after removal of root material. The bulk sample was split
into subsamples for the analyses of AM fungal symbionts, fungal pathogens, fungal
decomposers, bacterial decomposers and protistan bacterivores, parasites and
omnivores. Belowground insect herbivores, arthropod predators and arthropod
decomposers were sampled by collecting soil cores (maximum diameter 20 cm,
maximum depth 10 cm) from each plot. Soil fauna was extracted from soil cores
using a modified heat extraction system over a period of eight days, while the soil
macrofauna was hand-sorted. In 2019, belowground arthropod decomposers were
extracted as a composite sample from nine soil cores (diameter 4.5 cm, depth 10
cm). A subsample of this composite sample was used to identify the major
taxonomic groups to species level. In addition to soil extraction, some belowground
arthropod decomposer species were sampled with sweep netting (60 double sweeps
along three 150-m plot-border transects). While these taxa were sampled
aboveground, they are known detritivores, and so classified as belowground
organisms (see also Supplementary Table 3).
We directly measured species richness for most groups, but used family richness
for belowground insects, the number of different amplicon sequence variants
(ASV) for AM fungal symbionts, fungal pathogens, fungal decomposers, bacterial
decomposers, and the number of different operational taxonomic units (OTU) for
protists. For AM fungal symbionts, fungal pathogens and fungal decomposers,
DNA was extracted using ‘MO BIO Power Soil DNA isolation kit’ (MO BIO
Laboratories, Carlsbad, CA, USA) following the manufacturer’s protocol. We then
use a Illumina Hiseq platform for the sequencing, and sequence reads were
processed using plugins available in the QIIME 2™ plattform (https://qiime2.org/,
Version 2017.12). For bacterial decomposers, RNA was extracted using a custom
protocol (Lueders protocol). For protists, soil DNA was extracted using the DNeasy
PowerSoil Kit (Qiagen GmbH, Hilden, Germany) (see also Supplementary
Table 3).
Additionally, we calculated species richness for common and rare species
separately. For each species (or family for belowground insects, ASV for bacterial
decomposer, AM fungal symbionts, fungal pathogens, fungal decomposers and
OTU for protists), we calculated its total occurrence across all plots. Within each of
the 20 trophic groups, we split the species into two categories: ‘common’ species
were those accounting for 80% of the total occurrence, while the other species were
considered ‘rare’.
Environmental factors. In each grassland plot, we measured hypothetically
important environmental covariates, related to potential drivers of species richness
(Supplementary Table 1). Soil depth was measured as the combined thickness of all
topsoil and subsoil horizons. We determined soil depth by sampling a soil core in
the center of the study plots. We used a motor driven soil column cylinder with a
diameter of 8.3 cm for the soil sampling (Eijkelkamp, Giesbeek, The Netherlands).
For the other soil parameters, a composite sample representing the soil of the whole
plot was prepared by mixing 14 mineral topsoil samples (0–10 cm, using a manual
soil corer with 5.3 cm diameter) from the same plot. Soil samples were air dried and
sieved (<2 mm), and we then measured the soil pH in the supernatant of a 1:2.5
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mixture of soil and 0.01 M CaCl2. Finally, for each plot we calculated Topographic
Wetness Index (TWI), defined as ln(a/tanB) where a is the specific catchment area
(cumulative upslope area which drains through a Digital Elevation Model (DEM,
http://www.bkg.bund.de) cell, divided by per unit contour length) and tanB is the
slope gradient in radians calculated over a local region surrounding the cell of
interest88,89. TWI therefore combines both upslope contributing area (determining
the amount of water received from upslope areas) and slope (determining the loss
of water from the site to downslope areas). TWI was calculated from raster DEM
data with a cell size of 25 m for all plots, using GIS tools (flow direction and flow
accumulation tools of the hydrology toolset and raster calculator). The TWI
measure used was the average value for a 4 × 4 window centred on the plot, i.e. 16
DEM cells corresponding to an area of 100 m × 100 m. Initial analyses found that
this was a stronger predictor than more local measures, thus indicating it is
representative of the 50 m × 50m plot area and its surroundings.
Plot land use. At the plot level (50 m × 50 m, Fig. 1), land use was assessed
annually via questionnaires sent to land managers in which they reported the level
of fertilization (kg N ha−1 yr−1), the number of mowing events per year (from one
to three cuts), and the number and type of livestock and their duration of grazing
(number of livestock units ha−1 yr−1). We used this information to calculate three
standardized indices summarizing grazing, fertilization and mowing intensity51,59.
Each component was divided by the global mean value across all three regions and
across all years to standardize the components. Within the grassland fields con-
sidered in this study, mowing and fertilization intensities are positively correlated
(r= 0.70), while grazing and mowing intensities are negatively correlated (r=
−0.61) (Supplementary Data 2). Due to these correlations, independent effects of
each land-use component cannot be reliably estimated. We therefore used a
compound index of plot land-use intensity. The land-use intensity index (LUI) was
calculated as the global mean of grassland management across the three regions
overall the years of 2006–2017 according to51, using the LUI calculation tool90
implemented in BExIS (https://doi.org/10.17616/R32P9Q). We calculated the mean
LUI for each plot over the years 2006–2017 because this reflects the average LUI
around the years when most of the data was collected. At the minimum LUI of
0.5–0.7, grasslands are typically unfertilized, not mown, and grazed by one cow (>2
years old) per hectare for 30 days (or one sheep per hectare for the whole year). At
an intermediate LUI of 1.5, grasslands are usually unfertilized (or fertilized with
less than 30 kg N ha−1y−1), and are either mown twice a year or grazed by one cow
per hectare for most of the year (300 days). At a high LUI of 3, grasslands are
typically fertilized at a rate of 60–120 kg N ha−1y−1, are mown 2–3 times a year or
grazed by three cows per hectare for most of the year (300 days), or are managed by
a combination of grazing and mowing. Very high intensity grasslands (e.g. those
cut more than three times per year and ploughed annually) are not found within
the study regions. We also quantified the interannual variation of land-use intensity
calculated as the standard deviation (sd) in LUI (hereafter called ‘variation in land-
use intensity’) as this is known to be related to the species diversity of several
aboveground trophic groups5. As biodiversity has been shown to have exponential
responses to LUI and LUI sd, we log-transformed these two predictors and the
response variables5,29. Note that the variation in land-use intensity was not highly
correlated with the mean LUI across years (r= 0.40) (Supplementary Data 2).
Field plant diversity and land use. To assess the surrounding plant diversity of
each grassland plot, we surveyed the vegetation within the major surrounding
homogeneous vegetation zones in a 75-m radius of each plot (i.e. field level, Fig. 1)
in 2017 and 2018. These zones were mostly situated within the same grassland field
as the focal plot but we occasionally surveyed other habitat types (c. 20% were
situated in hedgerows, margins or forests). In each of these zones, we selected a
single, representative area of 2 m × 2 m in which the cover of all vascular plant
species was estimated. We surveyed at least four quadrats for each grassland plot.
To do so, if less than four different homogeneous zones were identified, we sur-
veyed the vegetation twice or more within a homogeneous zone. We then calcu-
lated the changes in species composition between these surrounding plant
communities (hereafter called ‘plant community heterogeneity’) as the Sørensen
dissimilarity index91. Field plant community heterogeneity was used to represent
habitat and resource diversity in the immediate surroundings of the plot for above-
and belowground trophic groups, as a high plant species turnover is closely related
to environmental heterogeneity and the beta diversity of microbes92,93. Addition-
ally, we used historical land-use maps to calculate the temporal variation in field
land use. Historical maps from the Schwäbische Alb are digitized cadastral maps
from 1820, topographic maps (map scale= 1:25,000) from the German Empire
from 1910, and topographic maps (map scale= 1:25,000) from the Federal
Republic of Germany from 1960. Historical maps from the Hainich are digitized
old topographic maps (map scale= 1:25,000) from 1850, topographic maps (map
scale= 1:25,000) from the German Empire from 1930, and topographic maps (map
scale= 1:10,000) from the German Democratic Republic from 1960. Historical
maps from Schorfheide-Chorin are digitized old topographic maps (map scale=
1:25,000) of 1850, topographic maps (map scale= 1:25,000) from the German
Empire of 1930, and topographic maps (map scale= 1:25,000) from the German
Democratic Republic from 1960. Variation in field land use varied between 0 (the
field was always recorded as a grassland since 1820/50) and 3 (the land use
recorded at the field level was different between 1820/50 and 1910/30, and between
1910/30 and 1960).
Landscape land use. At the landscape level (i.e. up to 2000 m of the center of each
grassland plot, Fig. 1), land use was recorded in 2008 within a 2000-m radius of
each grassland plot, and mapped in a Geographical Information System (GIS)
database, running on QGIS v 3.6. Land use was classified into five broad categories:
croplands, grasslands, forests, water bodies, roads and urban areas (Supplementary
Table 4). To describe the current landscape-level land use, we calculated the
proportion of the landscape covered by grasslands and forests. Forests represent
less disturbed habitats in agricultural landscapes and are likely to act as favourable
habitats and dispersal corridors for some of the taxa studied45,94. We also calcu-
lated the diversity of land-cover types in the landscape (i.e. the Shannon diversity of
land-cover types), which has been shown to positively affect biodiversity in agri-
cultural landscapes14,33,95. A second landscape land-use survey was done in 2017
and we found that the grassland cover (r= 0.81), the forest cover (r= 0.80) and the
total land-cover diversity (r= 0.71) recorded in 2017 were highly correlated with
data using a 250-m radius of each grassland plot in 2008, suggesting that over the
last 10 years landscape land use is largely unchanged. Additionally, we used the
historical land-use maps to quantify the permanency of the forest and grassland
covers between 1820/50 and 2008. To do so, we calculated the ratio of the mean
forest or grassland cover recorded in the landscape from 1820/50 to 2008, to the
standard deviation of the forest or grassland cover over that period. Forest or
grassland permanency values were high when there was a high forest or grassland
cover over time and this cover did not fluctuate. Landscape permanency differs
from temporal variation in field land use in that a grassland field may have been a
permanent habitat for many years while the surrounding landscape units saw
significant changes, and vice versa. This difference is reflected by the weak cor-
relation between these variables (−0.45 < r < 0.13). Both current and historical
landscape composition predictors were calculated in a 500-m radius, 1000-m
radius and 2000-m radius of the center of each grassland plot. As biodiversity can
have non-linear response to landscape predictors7, landscape land-use predictors
were also log-transformed.
In addition to the plot-level LUI index, we calculated a landscape land-use
intensity index by calculating the inverse of the sum of the standardised values of
land-cover diversity, forest and grassland cover, and forest and grassland cover
permanency at the 1000-m scale. These variables had approximately equal
importance in driving the species richness of above- and belowground trophic
groups (see Fig. 2). Landscape land-use intensity was considered high when the
landscape had low land-cover diversity, forest and grassland cover, and forest and
grassland cover permanency (i.e. high values of landscape land-use intensity index).
At the 1000-m scale, the landscape land-use intensity index was positively
correlated with the annual crop cover, a metric associated with landscape land-use
intensity14 (Supplementary Data 2).
Data analysis. All analyses were performed using R version 4.0.396. To assess the
role of multiple environmental factors, and plot-, field- and landscape-level factors
(standardized to give comparable coefficients) in driving the species richness of
each of the ten above- and ten belowground trophic groups, we fitted linear models
(using the lm function). Both within and across the three regions of our study
many environmental factors, e.g. climate, soil type and elevation are strongly
confounded, making independent assessment of these environmental factors dif-
ficult to estimate. Therefore, to account for inherent regional differences in
environmental conditions and to focus on the independent effects of the focal plot-,
field- and landscape-level factors, we first fitted the term ‘region’ as a predictor in a
linear model and calculated residuals for all our variables (both explanatory and
response variables), and then used these residual values in all subsequent analyses.
As an alternative to using residuals, we also fitted models with the region term as
predictor, as well as the environmental factors, plot-, field- and landscape-level
factors (standardized to give comparable coefficients) alongside the diversity
measures. This approach gave very similar results (Supplementary Figs. 1, 2).
We considered four groups of predictors, spanning a range of spatial scales, in
our linear model containing the following terms: (i) environmental factors: soil pH,
soil clay content, and the TWI; (ii) plot-level land use, represented by two terms,
LUI and interannual variation in LUI; (iii) the field level (75-m radius of the plot)
plant diversity and land use, represented by two terms: plant community
heterogeneity and variation in field land use; (iv) the landscape-level land use,
represented by five terms: land-cover diversity, forest cover, grassland cover, forest
cover permanency and grassland cover permanency (i-iii are considered local
drivers, while iv landscape drivers—see introduction). In the early stages of our
analyses, we considered the use of far more variables to describe each group of
predictors (i.e. a wide range of environmental factors, plot-level factors, field-level
factors and landscape-level factors). However, in order to make our manuscript
comprehensible and to allow comparison between responses of above- and
belowground groups, we choose to focus on a relevant, standardized and simplified
subset of variables that are hypothesized to be strong drivers of above- and
belowground biodiversity (see Supplementary Table 1). In addition, due to strong
correlations between some of the variables considered, multicollinearity would
have likely been an issue in our models. Since soil sand content (r=−0.75) and
soil depth were highly correlated (r=−0.72) with soil clay content (Supplementary
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Data 2), we chose to use only soil clay content to represent soil texture in our
analyses, as it has been shown to be a strong driver of belowground biodiversity53.
To ensure normal error distributions and homogenous variance, we log-
transformed all response variables. After this transformation, we visually checked
for non-linear relationships in preliminary analysis but did not find any evidence of
such relationships and so fitted only linear terms in our final models. In all cases,
we used a Gaussian error distribution as the errors of our response variables were
normally distributed. All predictors and response variables were scaled (z-scored)
to allow comparison of effects and responses between trophic groups.
For each trophic group, we fitted three competing models in which the
landscape land-use factors were calculated either in a 500-m radius, 1000-m radius
or 2000-m radius of the grassland plot. We then selected the model for which the
second-order Akaike information criterion (AICc) was lowest. When the AICc of
the models were separated by a Δ AICc < 2, we retained the model with the largest
spatial scale97 (Supplementary Table 2). To assess the sensitivity of our results to
this approach we also used a fixed 1000-m radius for landscape effects for all
trophic groups, a commonly used scale when investigating the effects of the
landscape context on aboveground biodiversity7,33,34. We found that the direction
and magnitude of effects of the different factors on the species richness of multiple
above- and belowground trophic groups were comparable to those estimated by the
variable radius models when using this fixed term (Supplementary Fig. 11). Because
the radii of landscape factors overlap between neighbouring sites at larger spatial
scales, potentially leading to issues of non-independence, we re-ran these analyses
to consider only a subset of sites with non-overlapping landscape radii.
Considering only this subset of plots did not affect our estimates of the importance
of landscape factors in driving the species richness of the different trophic groups
(Supplementary Fig. 3).
We report the effects of environmental factors, plot-, field- and landscape-level
factors on the different trophic groups as slopes from the linear model. Model
residuals were inspected for constant variance and normality, which found that
assumptions of homoscedasticity were met. We tested for residual spatial
autocorrelation using Moran’s I tests and did not find any evidence of residual
spatial autocorrelation (P-values > 0.10). Correlation among the predictors used in
the models (−0.60 < r < 0.75) (Supplementary Data 2) did not induce
multicollinearity issues in our analyses (Supplementary Table 5). To reduce
potential type I errors associated with multiple testing while minimizing type II
errors, we controlled for false discovery rates (FDR) using a Benjamini–Hochberg
procedure98 with a threshold of 0.299.
To evaluate the relative importance of (i) environmental factors, (ii) plot-level
land use, (iii) field-level plant diversity and land use and (iv) landscape-level land
use as drivers of above- and belowground biodiversity, we expressed the
importance of each group of predictors as the percentage of variance they
explained, based on the comparison between the absolute values of their
standardized regression coefficients and the sum of all standardized regression
coefficients from the model. This method is similar to a variance partitioning
analysis because we previously transformed all predictors to z-scores33,100,101.
Additionally, in separate models we analysed first order interactive effects between
the landscape land use, and the plot or field land use, as land use in the landscape
may modulate the effects of current plot and field land use on biodiversity. As
interactive effects were never major drivers of biodiversity, we present only main
effects here, but see Supplementary Fig. 4 for details of interactive effects between
the drivers.
In follow up analyses, we accounted for the effects of the three land-use
components (fertilization, grazing and mowing) separately, by running the same
series of models but replacing the LUI by the individual land-use components. In
addition, we ran the same models on the biomass (primary producers) or
abundance (all other groups) of all aboveground trophic groups, and on the
abundance of belowground insect herbivores, arthropod decomposers and
arthropod predators. We did not have data on the abundance of the phylotypes of
AM fungal symbionts, fungal pathogens, fungal decomposers, bacterial
decomposers, protistan bacterivores, protistan omnivores and protistan parasites,
making a proper comparison of land-use effects on the abundance of above- and
belowground groups impossible. We also analysed the responses of common and
rare species by using the same series of models but on the species richness of
common and rare species subsets of each trophic group.
Finally, to test for possible effects of landscape-level land use on the correlations
between the diversities of the trophic groups, we calculated the observed
correlation between all pairs of above- and belowground trophic groups. This was
performed separately for plots situated in landscapes with low land-use intensity
(low landscape land-use intensity index, i.e. landscapes with high land-cover
diversity, forest and grassland covers and forest and grassland permanency) and
those in high land-use intensity landscapes (high landscape land-use intensity
index, i.e. landscapes with low land-cover diversity, forest and grassland covers,
and forest and grassland permanency). To do this we divided the 150 plots into 75
plots with the lowest landscape-level land-use intensity and 75 plots with the
highest landscape-level land-use intensity values, and calculated the differences in
Pearson coefficient of correlation (r). We then compared these values to a
distribution of simulated r-value differences (n= 999) in which we randomized the
values of landscape land-use intensity (low or high) between plots for each pair of
trophic groups. On the basis of this random distribution, we calculated z-scores
(standardized effect sizes) and P-values. Significant values thus indicate stronger
trophic interactions in grasslands surrounded by a landscape with lower (or higher)
land-use intensity than expected by chance. We ran a similar analysis considering
the 75 plots with the lowest plot-level land-use intensity and the 75 plots with the
highest plot-level land-use intensity.
Reporting summary. Further information on research design is available in the Nature
Research Reporting Summary linked to this article.
Data availability
This work is based on data from several projects of the Biodiversity Exploratories
programme (DFG Priority Program 1374). The data used for analyses are publicly
available from the Biodiversity Exploratories Information System (https://doi.org/
10.17616/R32P9Q), or will become publicly available after an embargo period of 5 years
from the end of data assembly to give the owners and collectors of the data time to
perform their analysis. Any other relevant data are available from the corresponding
author upon reasonable request.
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